INTRODUCTION
Microalgae are key primary producers in aquatic ecosystems and are, therefore, widely used to assess and/or quantify the toxicity of chemicals in aquatic environments. It is now well recognized that the toxicity of metals to aquatic organisms depends on: (i) the metal's chemical speciation (which in turn is dependent on water quality characteristics such as pH, hardness, salinity and dissolved organic carbon), and (ii) the competitive binding of the metal to the critical receptor site(s) of the organism. Critical binding sites for metals are referred to as 'biotic ligands'. In freshwater fish, for example, the gill has been identified as an important biotic ligand. 1 Understanding the nature of the biotic ligand(s) has become more critical as recently developed biotic ligand models (BLM) describing the binding of metals to the biological surface are now being used by regulators in some jurisdictions to predict metal bioavailability and toxicity in aquatic ecosystems. 2, 3 However, their acceptance in environmental regulation has been somewhat controversial because of the lack of a mechanistic understanding of the nature of the internal final critical biotic ligand(s) and intracellular processes that may alter metal toxicity, and because of the underlying assumptions, e.g. that the metal binding to the biotic ligand does not change the nature of the biotic ligand itself. Understanding the mechanism of action of Cu and how it exerts toxicity in algal cells is essential for the development of a BLM to accurately predict Cu toxicity to microalgae. Incorporating mechanistic processes such as toxicokinetic and toxicodynamic processes and identifying the intracellular critical biotic ligand would improve the prediction of metal toxicity for microalgae. 4 Mechanistic studies with marine microalgae have highlighted the species specific nature of copper internalisation 5, 6 and detoxification following Cu binding to thiols and phytochelatins. 7, 8 Stauber and Florence 9, 10 found decreased levels of thiols in Cu-exposed cells of the marine diatom Ceratoneis closterium (formerly Nitzschia closterium) and noted that cell growth recovered following addition of sulfhydryl compounds to the bioassay test medium. They hypothesised that Cu binds to reduced glutathione (GSH) in the algal cytosol and that Cu(II) could be reduced to Cu(I) by GSH and bound as a Cu(I)-sulfur-complex, leading to oxidation of the reduced glutathione to oxidized glutathione (GSSG). This hypothesis was supported by Smith et al 11 when Cu(II) exposure induced significant inhibition of cell division and an increase in the oxidised pool of glutathione in C. closterium. Any disruption to the GSH:GSSG ratio may affect mitotic spindle formation, leading to inhibition of algal cell division (commonly measured as a decrease in the rate of growth of an algal population). However, this hypothesis has never been rigorously tested due to previous limitations of the analytical tools available. For example, in the 1980s, the low sensitivity of energy dispersive X-ray analysis associated with transmission electron microscopy provided little information as to the intracellular localization of Cu in Cu-exposed cells; however, it was suggested that Cu was located in the cytoplasm and not in the mitochondria or chloroplast. 10 This study investigates the internal distribution of Cu in Cu-exposed marine microalgae using the highly sensitive technique of microprobe synchrotron radiation X-ray fluorescence (microprobe-SR-XRF) imaging, to identify the spatial distribution of Cu and its co-localization with endogenous elements. X-ray absorption near edge structure (XANES) spectroscopy can also be used to determine the oxidation state of Cu once bound to the biotic ligands within Cu-exposed microalgal cells. Microprobe SR-XRF is a more sensitive technique than analytical electron microscopy using Energy Dispersive X-Ray Spectroscopy (EDXA), which was previously employed to identify Cu localization within Cu-exposed marine algal cells. 10 In addition, SR-XRF is capable of elemental distribution mapping within individual cells at a resolution of 0.2-0.3 µm and has successfully been used to study the uptake of metals in mammalian cells. [12] [13] [14] [15] Studies by Twinning and coauthors 16, 17 and Diaz 18 also showed that microprobe SR-XRF was useful in determining the elemental composition and distribution of elements (Si, P, S, K, Ca, Mn, Fe, Co, Ni, Cu and Zn) in a range of marine microalgae isolated from oceanic waters and in two freshwater algae in laboratory culture media, respectively. This study uses correlative microprobe SR-XRF and XANES to investigate the internalisation of Cu in Cu-exposed marine microalgal cells to determine the toxicological modes of action of the metal. Three species of marine microalgae were exposed to dissolved Cu(II) for 72-h at concentrations that significantly inhibited cell division. no added Cu, and Cu exposure treatments were prepared at 20 and 50 µg Cu/L (4-6 replicates for each treatment) by adding aliquots of a CuSO4·5H20 stock solution (100 mg Cu/L; Selby Biolab, Victoria, Australia; AR Grade) to the media. Exposure concentrations were selected based on our previous work 6 which showed that these concentrations caused partial and substantial growth inhibition in these algae. Subsamples from each treatment were filtered, acidified to 0.2% HNO3 and Cu concentrations were measured using inductively coupled plasma-atomic emission spectrometry (ICP-AES). Measured dissolved Cu concentrations in the 20 and 50 µg/L treatments were 19 and 40 µg Cu/L, respectively (Cu speciation modelled using MINTEQ v 3.1 is shown in Table S1 ). Flasks were incubated for 72 h under the same conditions as the cultures (21 ± 2 °C on a 12:12 h light:dark) with an increased light intensity of 140 µM photons/m 2 /s. Algal growth rates (cell division) for each replicate were determined by measuring cell density daily for three days using a FACSCalibur flow cytometer (BD Bioscience). Cellular chlorophyll fluorescence was also measured (Ex: 488 nm, Em: >670 nm) simultaneously using the flow cytometer. 6, 21 After 72 h, algal cells were washed with a 0.2 M EDTA phosphate saline (3.5% NaCl) solution to remove extracellular Cu. without the use of metalstaining agents normally used to prepare specimens for transmission electron microscopy (e.g. osmium tetroxide, uranyl acetate and lead citrate). A concentrate of washed algal cells for each treatment was preserved in a fixative (4% glutaraldehyde, 8.55% sucrose, 1% tannic acid and 0.05 M phosphate buffer) at 4°C overnight. The fixed algae were set in 1% agarose, cut into small cubes which were washed with 8.55% sucrose, dehydrated with ethanol, washed with an ethanol-acetone mixture and infiltrated with Spurr's resin. The resin polymerised overnight at 60ºC and the resultant block was thin-sectioned using a microtome (UltraCut T microtome) to produce sections of 1 µm thickness that were transferred to a gold Finder grid (covered with a formvar film).
METHODS

Microalgal
Microprobe SR-XRF Imaging. The whole cells supported by gold Finder grids were inspected under a light microscope (Leica, Germany) and those cells that appeared intact, separated from surrounding cells and were distant from the gold grid, were selected for analysis. Microprobe SR-XRF imaging of whole cells was performed on beamline 2ID-E at the Advanced Photon Source, Argonne National Laboratory, Chicago, USA. The analyses were performed with an 8.99 keV Xray beam. Low-resolution X-ray fluorescence scans (1-2 µm step) were initially performed to identify the location of the selected cells on the gold grid. High-resolution scans were collected using a 0.5-µm stepsize (x and y direction) and a 1 s dwell time (detection limit 79 attogram/µm 2 (i.e. 79x10 
XANES Microspectroscopy of Cu in Microalgae.
XANES spectra were collected using beamline 2ID-D at the Advanced Photon Source, Chicago. Initial X-ray fluorescence maps of whole cells were obtained at low-resolution to identify coordinates corresponding to the highest Cu content, and these points were used to generate XANES spectra. The X-ray energy was scanned from 8.95 keV to 9.03 keV (with a 0.5 eV) step and a dwell time of 0.5, 1 or 3 s per step depending on the Cu content. XANES spectra were obtained from two cells per treatment (control and Cu exposed) at two separate co-ordinates where the Cu intensity was high. The same whole cells were subsequently analysed using microprobe SR-XRF imaging.
Standards were Cu(I)Cl (Sigma) and Cu(II)Cl2 (AJAX Chemicals), prepared by mixing a small amount of Cu with boron nitride (Sigma) using a mortar and pestle. The Cu-boron nitride mixture was placed within a sleeve of low metal content adhesive tape and attached to an aluminium sample holder. For comparison of spectra within treatments, the spectra were normalised to a give an arbitrary tail absorbance value of 1000. Intracellular Cu was co-located with Zn, Fe, S and to a lesser extent K, and partially co-located with Si and P. In Cu-exposed cells Ca was not co-located with Cu.
RESULTS
Toxicity and Intracellular Concentrations of Cu in
P. tricornutum also possessed siliceous frustules with SR-XRF indicating Si was co-located with P. In the central compartment of the cell Cu was located with Zn and Fe, and to a lesser extent P, Si, S and K ( Figure 2C) . After Cu exposure, P. tricornutum cells appear swollen, and interestingly Cu was no longer co-located with Zn, unlike that observed for C. closterium control and Cu-exposed cells ( Figure 2D ). Cu did not clearly correlate well with any other elements in P. tricornutum (with the exception of S). However, K was present in most of the cell, and a partial co-localization of K with Cu was observed. For both diatoms, Co, Cr, Ni, Ti and Mn were either not observed (below background) or provided no constructive information on the intracellular spatial distribution and colocalization of elements, particularly for Cu. Thus, there were no clear element co-localization features with these elements between Cu-exposed and unexposed cells.
Tetraselmis sp. cells displayed differing elemental distributions and co-localization to that of the diatoms. Silicon does not form a part of the cell wall of Prasinopyceae; however, a number of discrete localised Si spots were evident in control cells ( Figure 2E ). Calcium and P were observed in a number of discrete locations which were partially co-located with Si at varying intensities (concentrations). Copper was observed throughout the cell with a large high-intensity cluster occupying about 25% of the area of the cell, and partially co-located with S and Fe but not with Zn ( Figure 2E) . Manganese was also distributed throughout the majority of the cell area (data not shown). After Cu exposure (Figure 2F ), cells were smaller and intracellular Cu was again located throughout the entire cell (cytoplasm) as well as Zn, K, S, P, Si and Mn (not shown). Ca and Fe were very localised in high concentrations.
For the two diatoms the interpretation of S and P cellular distribution should be undertaken with caution, due to the high concentrations of Cl associated with the marine species and close proximity of the Kα lines of Cl to S and P ( Supplementary Information, Figure S1 ). Unlike the pennate diatoms, P distributions in Tetraselmis sp. did not align with Cl, a reflection of the greater intensity of the Kα peak for P in the spectra, essentially resulting in a greater ability to distinguish P from the high Cl Kα peak for this alga. The three-dimensional nature of the cell also confounds accurate identification of localization of elements due to increased sample depth, and techniques such as tomography would enable better interpretation of elemental patterns within cell organelles.
Intracellular distribution of Cu and co-localization of elements in thin sections of Tetraselmis sp.
Unlike whole-cell analyses, thin sections represent a snapshot of the internal structure of a cell. By scanning a 1 µm section of a cell, the 3-dimensional nature of the cell is minimised resulting in a clearer visualisation of the cell's internal structure. However, the resulting thin section is dependent on the orientation and location of the section in the cell. Thin sections of elongated cells, like the two pennate diatoms in this study, were very difficult to obtain, hence thin sections of the more spherical Tetraselmis sp. are reported here.
For Tetraselmis sp., there is evidence of endogenous (as a cofactor of enzymes and proteins) and trace-level uptake of Cu in the control cells (Figure 3A) , which is consistent with the elemental maps of the whole cells. In control cells, the Cu was localised within distinct circular structures that are also defined by highly dense regions of P, Ca, Mn, Ti and Cl. Sulfur was also present in these clusters and in other clusters throughout the cell. Unlike in whole cells, Cu was not co-localised with Zn. The cell shape is clearly defined by the multiple elements associated with the cell membrane and/or cell wall, although they are present at a low intensity.
In Cu-exposed cells organelles of high Cu intensity were clearly visible and show a strong colocaliation with Si, P, S and Ca ( Figure 3B ) suggesting that these organelles play a pivotal role in The XANES spectra obtained from Cu-exposed C. closterium (Figure 5C and D) indicated the presence of Cu(I) with the spectral edge energies either directly overlapping those in the Cu(I) standard or an energy that was slightly lower than the standard. The post-edge peaks overlapped the Cu(II) standard as was the case in Cu-treated Tetraselmis sp. The K-edge Cu XANES spectra obtained from P. tricornutum exposed to 40 µg Cu/L also showed a mixture of Cu(I) and Cu(II); however, unlike C. closterium, the edge energy was clearly lower (Figure 5E ) than that for CuCl suggesting that a greater proportion of the Cu is bound to less electronegative atoms, (e.g. sulfur in thiols). Two locations within a separate P. tricornutum cell also showed the distinctive peak at 8.978 eV. While the results suggest the presence of both Cu(I) and Cu(II) (based on the CuCl and CuCl2 spectra) in each of the three microalgal species, this can only be resolved once the intracellular Cu binding ligand has been identified. XANES analysis of Cu-thiol standards would provide further insight.
DISCUSSION
It is well-established that different species of marine microalgae have differing sensitivities to metals. Even at concentrations as low as 1 μg Cu/L, Cu can lead to inhibition of photosynthesis, respiration, ATP production, pigment synthesis, and cell division in microalgae. 5, 25, 26 Some studies have clearly shown that metal toxicity to microalgae is not solely explained by the BLM. 5 In a survey of 11 species, interspecies differences in Cu sensitivity were not consistently related to cell size, cell wall type, taxonomic group or Cu binding Kd values. 5 Further research has shown that intracellular Cu concentrations and net uptake rates into the cells cannot explain differences in species-sensitivity of the three microalgal species. 6 Therefore, to understand fundamental differences in species-sensitivity, toxicodynamic and toxicokinetic mechanisms for metals are likely to be important and research is now focused on understanding the mechanistic basis differences in species sensitivity.
In this study the intracellular Cu concentrations were measured using microprobe SR-XRF to confirm the endogenous and cellular uptake of Cu by two sensitive (C. closterium and P. inhibition in population growth rate of 76, 83 and 50, respectively). 26, 6 These published studies used a tropical isolate of C. closterium and lower initial cell densities for P. tricornutum and Tetraselmis sp. In contrast, Twining and co-workers 16 reported that cellular metals in aquatic protists measured in individual cells by SR-XRF and standard analytical techniques (with bulk cells) produced similar results.
Copper exposure caused a significant increase in cell size in P. tricornutum and C. closterium Copper is an essential element for the growth of microalgae and it is used as a cofactor in a number of enzymes and proteins, e.g. in plastocyanin (photosynthetic electron transport), cytochrome c oxidase (mitochondrial electron transport) and ascorbate oxidase (ascorbic acid oxidation and reduction). 28 Little is known about the fate of intracellular Cu in microalgae, although the manner in which a cell manages excess Cu most likely has a significant influence on toxicity.
Some species exhibit a variety of mechanisms to prevent or inhibit Cu uptake, or detoxify Cu once inside the cell. 10, 25, [29] [30] [31] [32] These mechanisms may be extracellular processes, such as physical exclusion due to reduced membrane permeability 31 or extracellular binding of metal ions to cell exudates or ligands. 31, 33, 34 Intracellular mechanisms may include the immobilisation of metals through the high affinity binding of Cu to sulfate in granules, polyphosphate bodies or calcium calcretions, or in non-metabolically active areas of the cell, e.g. the cell wall or vacuoles. 10, 31, 35 The intracellular synthesis of metal binding proteins also occurs, such as phytochelatins (high in cysteine residues rich in sulfur).
8,36-41
Enzymes capable of scavenging damaging reactive oxygen species, e.g. catalase, superoxide dismutase, can also be altered when cells are exposed to Cu. 10, 39, 42, 43 Cells are also capable of eliminating Cu using efflux mechanisms, 32, 36 or effectively diluting intracellular Cu concentrations because of their rapid rate of cell division. 36, 44 It is not surprising then that in this study the intracellular Cu (after Cu exposure) was strongly associated with P, S and Ca (especially when thin sections of cells were analysed); potentially as a means of Cu detoxification. ). However, due to the stronger binding constants of toxic trace metals such as Cu, Cd, Pd and Zn, these cations can displace essential macronutrient metals and affect intracellular osmotic regulation. 45, 46 Studies investigating the role of polyphosphates as a detoxification process for Cu in microalgae have predominantly focused on freshwater phytoplankton where changes in the ratio of N:P can significantly affect the uptake and storage of N and P in microalgae, consequently altering optimal algal populations in lakes and rivers. 47, 48 Investigations with a strain of Cu-sensitive and Cu-tolerant freshwater cyanobacterium, Anabaena variabilis, indicated that the tolerant strain contained more polyphosphate bodies than the sensitive strain and, even more polyphosphate bodies were observed after exposure to Cu. 47 However, X-ray microanalyses showed that Cu did not co-localise with these polyphosphate bodies (identified after staining with toluidine blue and microscopy), with only P and Ca detected. 47 Instead, Cu was detected in the cytoplasm (co-located with P, S, Ca, Mg, Si and S). In this study, whether the P dense compartments in Tetraelmis sp containing Cu (Fig 4, B1-3 ) are in fact polyphosphate granules is uncertain. Twiss and Nalewajko 48 suggested that polyphosphate granules play virtually no role in Cu sequestering (detoxification) in a Cu-tolerant freshwater alga. Their sensitivity to Cu was related to their initial intracellular P status prior to Cu exposure. Few studies describe the role of polyphosphate bodies in marine algae however the status of high density P bodies in the marine seaweed Macrocystis pyrifera have also been observed to alter with varying water quality characteristics. 49 Detailed investigations on cell morphology along with elemental analyses of the marine algae, Tetraselmis suecica, indicated that after Cu exposure, Cu was stored in P-rich bodies with characteristics similar to polyphosphate bodies. 50 Daniels and Chamberlain 45 also reported that Cu was associated with P, S and Ca bodies in the Cu-tolerant marine alga Amphora veneta (as was found in this study); however, they also observed that Cu was found in spherical bodies that were not rich in P. Polyphosphate bodies in microalgae clearly play a role in the detoxification of Cu in microalgae; however, whether this role is via direct binding of Cu to polyphosphates or other binding sites within polyphosphate granules, or other compartments rich in S and Ca, requires further investigation and is likely to be species specific.
Superoxide radicals, as reactive oxygen species (ROS), are inevitable by-products of the reduction of molecular oxygen. Cells have evolved mechanisms to protect against and prevent excess ROS production so that they can continue to exploit the reactivity of oxygen for their various intracellular energy yielding and biosynthetic reactions.
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Metal exposure can cause cellular stress, leading to higher rates of ROS synthesis with a stable or increasing concentration in superoxide dismutase (SOD). SOD is the only enzyme capable of removing the superoxide anion, but SODs require a metal cofactor in order to be active. There are several forms each requiring a different cofactor; Mn, Fe and a Cu/Zn cofactor with each SOD either increasing or remaining stable after copper exposure. 42 This study confirmed the co-localization of Cu and Zn in controls cells of the two diatoms; however, after exposure to Cu, Cu and Zn remained co-localised in C. closterium but not in P. tricornutum, which suggests that the two diatoms have different Cu detoxification mechanisms.
Glutathione (GSH) exists in both oxidised and reduced forms within the cell. Reduced GSH is an important antioxidant, actively quenching superoxide radicals and other ROS that are formed as a result of normal cellular function or cellular stress. Glutathione (reduced and oxidised) concentration in a cell accounts for approximately 90% of non-proteinous thiols in a healthy cell. 52, 53 Metal exposure alters the distribution of oxidised:reduced glutathione in microalgae, with decreases in the reduced GSH indicating high oxidative stress. 54 Previous studies have shown that dissolved Cu exposure did not significantly alter the reduced glutathione pool in P. tricornutum (58-80% of total GSH over 72 h at IC50), 11 whereas in both C. closterium and the green freshwater alga Chlamydomonas reinhardtii, dissolved Cu exposure decreased the GSH:GSSG ratio, decreasing the pool of reduced GSH within the cell (<5% total GSH over 72 h at IC50. for C. closterium). 11, 55 This decrease in reduced GSH has significant impacts on cells, as most cellular processes utilise the reduced form. 56 The use of XANES in this study also highlighted differences in the Cu-binding ligand in Cu-exposed cells for the two diatoms C. closterium and P. tricornutum supporting the hypothesis that the two diatoms have different intracellular mechanisms for sequestering excess Cu.
GSH also plays an integral role in metal-chelation processes as it is a precursor for phytochelatins. Phytochelatins are class III metallothioneins, 57 a group of metal binding ligands found in higher plants, algae and some fungi, which are not gene encoded. 58 Phytochelatins are specifically induced as a result of metal stress, and not by cellular stressors such as thermal shock (hot and cold), hormone levels, oxidative stress or anoxia. 59 In addition, phytochelatin production has been found to cease in cells that have been removed from the metal stressed environment and have been allowed to recover. 60, 61 Once a metal ion is chelated to one or more phytochelatins, the high molecular weight complex is transported into the acidic vacuoles where it is sequestered. 52 Electron microscopy has clearly shown that Cu exposed marine microalgae (P. tricornutum, Tetraselmis sp. and Dunaliella tertiolecta) have a greater number of vacuoles per cell. 6 It is likely that the cellular regions with high Cu intensity shown in Figure 3 and Figure 4 are vacuoles containing metal bound to phytochelatins or phosphate bodies.
The presence of intracellular Cu(I) following Cu exposure was expected and supports the hypothesis that Cu(II) is reduced to Cu(I), possibly by glutathione. 9, 10 Another source of cellular Cu(I) is the result of cell surface reductase leading to Cu uptake by high affinity Cu(I) transporters. 49 XANES post-edge spectra obtained in this study also suggested that Cu(II) may also be present within the cell although this may depend on the Cu-binding ligand present since the edge profile and post-edge regions differ between species. 62, 63 The ratio of Cu(I) to Cu(II) was not determined in this study and further investigations are required to identify specific Cu(I) and Cu(II) complexes present in marine microalgae. This could be achieved by identification and preparation of Cu-thiol and Cu-phosphate compounds and comparison of the resultant spectra to those obtained from the microalgae under cryostat conditions (crucial to obtain the sensitivity required to identify individual Cu(I) and Cu(II) complexes). 14, 64 While the Cu ligands in C. closterium and Tetraselmis sp. were similar, it was clear that the Cu-ligand in P. tricornutum was less electronegative, further highlighting the species-specific nature of the Cu biotic ligand.
Interesting comparisons can be drawn between the two diatoms (C. closterium and P. tricornutum). Despite their similarities in size, shape and sensitivity to Cu, intracellular Cu (associated with Cu-exposed cells) was co-located with different elements for each species (Zn, Fe and S for C. closterium; only partially co-located with K for P. tricornutum). While both diatoms indicated that intracellular Cu was present largely as Cu(I), the Cu ligand within each diatom is likely to also differ. In contrast, in the green alga Tetraselmis sp., Cu was co-located in circular organelles/granules dense in P, S, Ca and Si; this was particularly evident when thin sections of the algal cells were analysed. The results of this study indicated that marine microalgae internalised Cu in granules/organelles dense in P, S, and Ca (and Si for Tetraselmis sp.) supporting the hypothesis that polyphosphate bodies, GSH and phytochelatins play a crucial role in the internalisation and detoxification of Cu. This study also provides further evidence that the toxicity, internalisation, detoxification and the biotic ligand for Cu in algae varies between algal species. Further mechanistic investigations will be required to develop species-specific BLMs for microalgae. 
